The emissions of climate-relevant nitrous oxides from wastewater treatment with aerobic granular sludge (AGS) are of special interest due to considerable structural as well as microbiological differences compared with flocculent sludge. Due to the compact and large structures, AGS is characterised by the formation of zones with different dissolved oxygen (DO) and substrate gradients, which allows simultaneous nitrification and denitrification (SND). N 2 O emissions from AGS were investigated using laboratory-scale SBR fed with municipal wastewater. Special attention was paid to the effects of different organic loading rates (OLR) and aeration strategies. Emission factors (EF) were in a range of 0.54% to 4.8% (gN 2 O/gNH 4 -N ox. ) under constant aerobic conditions during the aerated phase and different OLR. Higher OLR and SND were found to increase the N 2 O emissions.
INTRODUCTION
Today's focus in wastewater treatment plant (WWTP) operation moves towards sustainable treatment and low greenhouse gas emissions. In this regard, special attention is paid to N 2 O formation during biological wastewater treatment. Relevant pathways for N 2 O formation in wastewater treatment are described by Wunderlin et al. () as well as by Kampschreur et al. () . The most relevant mechanism for N 2 O production was reported with the autotrophic nitrification pathway. During nitrification, ammonium is oxidised to hydroxylamine and in a further step to nitrite. Hereby it is assumed that incomplete hydroxylamine oxidation is responsible for the N 2 O release. The rate of the incomplete hydroxylamine oxidase reaction increases when both NH 4 -N and NO 2 -N concentrations are elevated. Another pathway for the formation of N 2 O is the so-called nitrifier denitrification. In the absence of oxygen, ammonium-oxidising bacteria (AOB) can no longer transfer part of the electrons from nitrite to the oxygen and therefore not only produce NO 2 À as an end product, but also N 2 O, NO and N 2 . Furthermore, N 2 O is a byproduct of the denitrification process and produced during the conversion of nitrate to nitrogen. High N/COD ratios (COD: chemical oxygen demand) can promote N 2 O formation due to incomplete denitrification. Moreover, since the N 2 O reductase is sensitive to oxygen, micro-aerobic conditions (low dissolved oxygen (DO)) during denitrification can promote N 2 O formation too. The following equations describe the formation pathways through nitrification, nitrifier denitrification and heterotrophic denitrification. Nitrification:
Nitrifier denitrification:
Heterotrophic denitrification:
Although a high number of publications focus on the emissions of climate-relevant N 2 O from conventional activated sludge systems, only a few studies relate to the emissions from aerobic granular sludge (AGS). Table 1 summarises N 2 O emission factors (EF) of different AGS studies as well as measurements from conventional full-scale WWTP with suspended activated sludge. The EF of these studies appear in a broad range, which is probably attributed to the different operational strategies. Quan et al. () found increased EF under lower aeration rates and limited carbon availability. The authors claimed that elevated N 2 O emissions might be due to structural reasons and an increased SND for aerobic granules with larger diameter. Lochmatter et al. () investigated the nitrogen removal and N 2 O emissions of AGS under different aeration strategies and COD loads (constant nitrogen load). The highest EF of 9.0% was measured under the lowest COD load and under alternating high/low DO. Lower N 2 O emissions of 2.1% and 1.0% occurred at higher COD loads (C/N ratios). Van den Akker () determined N 2 O emissions of an AGS system operated with high saline municipal wastewater in a range of 2.3% to 6.8%. The lowest N 2 O emissions were measured when nitrite and ammonium were consumed and the DO in the bulk liquid was above 1.0 mg L À1 (van den Akker et al. ). Similar findings were made by Peng et al. () , whereby decreased DO levels promoted SND and subsequently increased N 2 O emissions. However, low DO levels are required to achieve maximum SND, indicating that there has to be a compromise between nitrogen removal and N 2 O emissions. Table 1 demonstrates that the EF of AGS systems are overall higher compared with full-scale measurements on conventional WWTP. It can be supposed that results from laboratoryscale cannot be directly compared with full-scale measurements, which is probably due to different reactor geometry and aeration rates. Since AGS is dominated by larger sizes (>200 μm), the compact structure promotes the formation of zones with different DO and substrate levels. In contrast to suspended activated sludge, where the bulk liquid concentrations of the substrate and DO are similar in all zones, AGS is characterised by gradients, which lead to the formation of intermediates in different layers.
In regard to the structural differences of AGS compared with conventional sludge flocs and the formation of zones with different DO, several N 2 O formation pathways can coexist within the biomass (Lochmatter et al. ) and illustrate that the emissions of climate-relevant N 2 O out of AGS deserve further research. The complexity of the different formation pathways for N 2 O during biological wastewater treatment indicates the difficulty of quantifying the impact of operational settings, especially the aeration strategy. Further research is needed in order to understand the different 
METHODS

SBR setup
AGS was cultivated in two laboratory-scale SBR with a volume of 6 to 8 L. After 261 days (data points 1 to 6), the reactors were restarted and operated again for 240 days (data points 7 and 8). The first experimental phase includes measurements under different OLR, while during the second period different aeration strategies were investigated. The operation comprised an anaerobic plug-flow feed of 60 to 90 min. Cycles lasted 4 to 6 h with settling times between 1 and 10 min. The exchange ratios were 30% to 40%. Temperatures and pH values were monitored daily as well as sludge volume measurements. SBR were fed with sewage from a municipal WWTP. Table 2 shows the relevant concentrations of the wastewater during the measurements. COD was mostly between 230 and 530 mg L À1 with total nitrogen (TN) concentration between 28 and 50 mg L À1 . N/COD ratios were in a range of 0.08 to 0.18. The samples for the sequencing were collected on day 501 (second period). The different settling properties were attributed to a slightly diverse reactor operation. The applied settling times affected the minimum settling velocities (v s,min ), which were in a range of 0.7 to 3.2 m h À1 . The minimum settling velocity is described as the quotient of the drawn water level and the settling time and determines the slow settleable substances that are discharged with the effluent. Samples 4 and 5 had a high SV 10 /SV 30 ratio compared with the other measurements, which were attributed to a low v s,min of approximately 0.7 m h À1 and a reduced washout of flocculent sludge. Although the biomass was occasionally dominated by flocculent structures, there were large granules with sizes above 200 μm present in the SBR during all measurements.
During the off-gas sampling, bulk liquid samples were taken in regular intervals for analysing NH 4 -N, NO 2 -N, and NO 3 -N according to DIN 38406. The formation of anoxic zones within the biomass depends on the granule sizes and the DO level in the bulk liquid. Smaller sizes limit the formation of anoxic zones and thus the ability for SND. COD and mixed liquor suspended solids were measured according to DIN 38409. Based on the distribution of the nitrogen fractions, simultaneous nitrogen removal was calculated according to the following equation (Zhang et al. ) :
The microbial community was investigated by Illumina MiSeq sequencing Nextera XT library, 341F -802R primers. It should be noted that Nitrobacter may well be present, however Nitrospira is not always detected by Illumina MiSeq sequencing. 
Gas probes
The SBR were completely covered during the aerated phase, while sampling the exhaust air. Gas chromatography-mass spectrometry (GC-MS) was used for the N 2 O analysis of the gas samples. Exhaust air samples from the SBR were injected into 20 ml sealed and evacuated headspace gas bottles by means of a gas-tight glass syringe. The sample amount was 10 ml. For the GC-MS, a Porapak column (ID 0.32 mm and length about 30 m) was used. The headspace gas cylinders filled with the exhaust air samples were analysed immediately or stored in a thermostat at 20 C until analysis to avoid temperature fluctuations. Gas samples with N 2 O contents between 0.5 and 40 ppmv were used for the validation of the GC-MS measurement for N 2 O according to DIN 32645. Moreover, the validation parameters including detection and determination limit as well as the standard deviation were determined. N 2 O samples were analysed to check the zero point. According to DIN 32645, a detection limit (DL 1 ) of 0.5 ppmv, a determination limit (DL 2 ) of 1.0 ppmv and the standard deviation of 0.56 ppmv were calculated. These values are even lower (DL 1 ¼ 0.25 ppmv, DL 2 ¼ 0.50 ppmv) when the usual 'signal to noise' ratio (S/N) in chromatography is considered (Kromidas ) .
For the evaluations, the measured ppmv in the exhaust air was converted to the concentration of N 2 O as gram per litre air. To compare the results, the gas volume was adjusted to standard temperature. During the sampling, the aeration intervals were recorded to calculate the N 2 O load emitted from the reactor per cycle. For this calculation, the required aeration rate was checked in preparation for the measurements. EF were related to the oxidised NH 4 -N according to the following equation:
Respiration tests
Oxygen utilisation rates for carbon and nitrogen (OUC, OUN) were determined by respiration tests. OUC was determined without the use of ATU (allylthiourea, nitrifier inhibitor) since the sludge was afterwards returned to the reactor. OUC was measured at the end of the cycle to guarantee that the nitrogen respiration was zero. In contrast, the highest oxygen utilisation rate was measured at the beginning of the aerated phase, when nitrogen was in a range of 5 to 10 mg L À1 . OUN was calculated with the following equations considering the measured temperatures. Oxygen utilisation rates were needed to create COD and nitrogen mass balances.
RESULTS AND DISCUSSION
Upstart and operation
The reactors were inoculated with a mixture of AGS from an earlier phase and suspended activated sludge from a municipal WWTP. Minimum settling velocity was 6 m h À1 during the first 50 days. The sludge volume index (SVI) of both SBR was 94 ml g À1 in the beginning of the tests. SVI of SBR 1 decreased to 67 ml g À1 within 23 days and fluctuated between 60 to 80 ml g À1 until day 64. Due to a technical failure, a great amount of sludge of SBR 1 was lost at day 74, thus, the results of the following 5 weeks were excluded from the evaluation. Until the end of the first phase (day 261), the SVI of SBR 1 ranged again between 61 and 79 ml g À1 . Similar results during the startup were observed for SBR 2. SVI declined to 60 ml g À1 within 18 days. The average sludge loading during the first phase was 0.34 gCOD gTSS À1 d À1 . Both SBR were aerated to a DO in the range of 1.8 to 2.2 mg L À1 without anoxic conditions in the bulk liquid. The operation of SBR 2 included a stirrer during non-aerated phases, which probably caused increased shear stress and SVI in a range of 64 to 97 ml g À1 . From day 119 on, the SVI of SBR 2 climbed up to 300 ml g À1 , which was attributed to the growth of filaments. SBR 2 was no longer sampled for N 2 O under these unstable conditions.
During the second startup with activated sludge from a municipal WWTP, v s,min of both reactors was increased to approximately 4 m h À1 by reducing the settling time from 6 to 3 min. Stirrers were not used during these experiments. SVI declined to 42 (SBR 1) and 48 ml g À1 (SBR 2) within 35 days. For both reactors, SVI was between 40 and 60 ml g À1 until day 91. Since a high amount of suspended solids was present in the effluent, the settling time was enlarged and v s,min decreased to approximately 1.4 m h À1 . Between the tests, there were elevated NO x -N concentrations measured in both reactors and mean-time high SVI up to 100 ml g À1 . However, compact granules with sizes above 200 μm were observed by regular microscopy. A recirculation of purified water through the settled sludge bed was applied to improve TN removal. With this strategy, it was possible to reduce the NO x -N concentration to approximately 5 to 10 mg L À1 , which ensured again anoxic-anaerobic feeding conditions and declining SVI. N 2 O sampling was performed at the end of the phase (day 501), when SVI and NO x -N concentration were in a representative range. The average OLR during the second phase was 0.25 gCOD gTSS À1 d À1 . Figure 1 shows the calculated COD and nitrogen mass balances exemplary for data point 1. The calculations consider the input and output loads to the SBR during the measured cycle as well as the carbon and nitrogen respiration rates. The balances were calculated for the cycles with N 2 O sampling according to the following equations. COD balance:
Mass balance
Nitrogen balance:
The sludge production was determined with a biomass yield (Y BM ) of 0.25 gTSS gCOD À1 (0.3 gCOD gCOD À1 ). Since there was no sludge removed during the cycle, the biomass growth is presented as ΔCOD SP . COD XA is the COD load produced through the autotrophic growth of the nitrifiers due to biomass cell synthesis of CO 2 and assumed as 30% of the oxidised nitrogen load. Oxygen utilisation for carbon removal (OUC) was calculated with the measured carbon respiration (OUC O2 ) as well as with the oxygen gained through denitrification. The oxygen utilisation (OUC O2 ) was related to the entire aerobic phase and the reactor volume. The deviation was referred to the input COD and amounted to 6.3%. Other data were checked according to the procedure and deviations were found up to 12%.
The nitrogen mass balances were calculated with the inand output nitrogen loads and the NO x -N left over from the previous cycles. The oxygen utilisation rate for nitrogen (OUN) during the aerated cycle was measured as 29.3 mgO 2 , which is close to the theoretical OUN calculated based on the oxidised ammonium loads. The difference in the OUN was found to be 1.8% and up to 10% for all measurements.
Effect of organic loading rate
Since SND is a promising ability of aerobic granules, the first tests focused on the operation under fully aerobic conditions during the aerated phase without anoxic periods in the bulk liquid. DO was throughout adjusted to 2 mg L À1 with aeration rates of 2 L min À1 . Under these conditions, the effect of different OLR on the N 2 O emissions from AGS was investigated including seven measurements (data points 1 to 7). OLR ranged between 0.13 and 0.42 gCOD gTSS À1 d À1 . Temperatures were in a range between 21.2 and 24.0 C. NH 4 -N removal reached 66.0% and 99.4%, while TN removal was calculated as 41.6% to 78.5%. Figure 2 shows the nutrients and N 2 O levels for data points 3 and 5 during the aerated phase. Generally, it was found, that the measured NH 4 -N concentrations were approximately 25% lower than the theoretical NH 4 -N concentration that should be measured after feeding. We assume that this fact was due to NH 4 -N adsorption on the granules as it was reported by Bassin et al. () . The authors observed an increased adsorption capacity of AGS compared with activated sludge, with an NH 4 -N adsorption in a range of 23% to 36% at 20 C. During all measurements, the highest N 2 O levels in the off-gas were measured at the beginning of the aerated phase with the highest substrate availability. The N 2 O peaks appeared within the first 5 min with N 2 O levels mostly between 10 and 35 ppm. This is in line with findings from van den Akker et al. (), who observed N 2 O peaks in the exhaust air during the changeover from the anaerobic feed to the aerated phase, which was probably associated with an increased oxygen uptake and lower DO levels during the first few minutes of aeration. N 2 O emissions steadily decreased afterwards, whereby the emissions were almost zero after all NH 4 -N was oxidised (Figure 2, right) . Since there was no full NH 4 -N removal achieved during run 5, N 2 O was also present at the end of the aeration with offgas concentrations of approximately 5 ppm (Figure 2, left) . Figure 3 (left) shows the EF under different OLR, which were calculated in a range of 0.54% to 4.8% (N 2 O/NH 4 -N ox. ). During the tests, nitrite was identified as a relevant trigger for increased N 2 O emissions and an indicator for elevated AOB activity. Clearly increased N 2 O emissions appeared for data points 6 and 7 (triangle), whereby enhanced nitrite levels of 3.3 and 4.8 mg L À1 were detected within the aerated phase. During runs 1 to 5 (dots), the nitrite concentrations were much lower at 0.7 and 1.8 mg L À1 . Overall, the results indicate that higher OLR lead to increased EF, which is in line with an earlier study from Guo et al. () . The authors investigated the N 2 O emissions from an SBR operated with AGS under different food/microorganism (F/M) ratios and found EF between 2.77% and 3.79%. In the study of Guo et al. () , the increased F/M ratios led to decreased DO levels (approximately 1 mg L À1 ). In this case, the OLR was increased and the DO decreased, which promotes N 2 O formation from autotrophic nitrification and nitrifier denitrification. Especially during the beginning of the aeration, when the oxygen uptake is the highest, the nitrifier denitrification pathway could contribute to increased N 2 O emissions. It has to be mentioned that municipal WWTP are normally operated with OLR between 0.05 and 0.15 gCOD gTSS À1 d À1 . In this loading range, the N 2 O emissions of our presented data are below 1%, which fits to EF measured at full-scale municipal WWTP (Parravicini et al. ) .
A further correlation of the present study was found between the EF and the amount of SND (Figure 3, right) . SND was detected especially in the beginning of the aeration (within the first 20 min) and was probably linked to a high oxygen uptake and increased anoxic zones inside the granules. SND decreased afterwards, since oxygen penetrated into deeper zones. In that case, the granule size plays a key role in the formation of anoxic zones. Furthermore, the DO and substrate diffusion into the granules are limited by larger diameter. The measurements were performed over a period of a half year, during which differences in the granulation grade probably affected the SND capacity. Low emissions were found for data points 4 and 5, where the low SND capacity was attributed to an increased flocculent proportion. Gao et al. () found increased EF from AGS operated under SND and claimed that the AOB and heterotrophic denitrifiers are responsible for the N 2 O emissions. The authors suggested that when the external COD is depleted, the internally stored substrate is used as electron donor for incomplete denitrification, which leads to an increased N 2 O formation due to heterotrophic denitrification. Moreover, a large granule size and a subsequently limited COD diffusion into the granules can be further reasons for elevated N 2 O emissions. Stewart () summarised different diffusion coefficients for various substrates. Hereby, the nitrogen and oxygen diffusion coefficients for temperatures of 25 C were reported in a similar range with 18.8·10 À6 and 20·10 À6 cm 2 s À1 . Lower diffusion coefficients were reported for carbon sources like glucose and acetic acids within a range of 6.7·10 À6 cm 2 s À1 to 12.1·10 À6 cm 2 s À1 . A limited carbon diffusion into the granules could promote N 2 O formation via heterotrophic denitrification in combination with SND. Findings from Lochmatter et al. () verify our assumption of limited carbon availability, since the authors found lower N 2 O emissions with higher COD loads under constant NH 4 -N inflow concentrations. A further trigger for N 2 O formation over heterotrophic denitrification is the presence of oxygen during denitrification. Since SND relates to oxygen gradients in the biomass, micro-aerobic conditions can affect the N 2 O reductase and therefore increase N 2 O emissions (Lemaire et al. ) .
In summary, we suggest that the OLR affects N 2 O formation in different ways. Firstly, increased loads lead to enhanced AOB activity and N 2 O formation from autotrophic nitrification especially at the beginning of the aeration. SBR operation includes a period feed, thus, high NH 4 -N levels appear in the beginning of the aeration and decline afterwards by nitrification. Moreover, the higher OLR probably leads to an increased oxygen uptake through the outer zones, which causes enlarged anoxic zones inside the granules. This would explain the increased SND activity and N 2 O formation from heterotrophic denitrification.
Moreover, AGS systems are operated with an anaerobic feeding strategy to enrich substrate-storing organisms, that take up most of the incoming COD during the feed. Denitrifying phosphate and glycogen accumulating organisms (PAO and GAO) play an important role in partial denitrification. Earlier studies state that denitrification by GAO and PAO can cause increased N 2 O emission (Zeng et al. a, b; Lemaire et al. ; Kampschreur et al. ) . The metabolism of these organisms is associated with growth on storage compounds, in which PHB consumption is the rate-limiting step. Schalk-Otte et al. () observed elevated N 2 O emissions when PHB was the substrate to grow during COD limitation. Phosphate uptake in the presented study ranged from 0 to 0.96 gP gTSS À1 , which indicates that PAO activity was different during the measurements. However, it was found that higher EF appeared when the phosphate uptake was increased. The impact of enhanced biological phosphate removal of AGS on N 2 O emissions should be addressed in further research.
Effect of aeration strategy
Over a period of 240 days after the restart, the two SBR were operated in parallel to investigate the effect of different aeration strategies on nitrogen removal. The simultaneous sampling for both SBR was conducted to identify which aeration strategy is more decisive for N 2 O formation. The aeration control setting for SBR 1 ensured continuous aerobic conditions during the aerated phase with DO levels between 1.8 and 2.2 mg L À1 . For SBR 2, an alternating aeration was applied with a 5 min aeration interval to a DO level of 2 mg L À1 that was followed by a 5 min aeration pause. N 2 O emissions of the two SBR were measured under similar operating conditions. Both SBR were fed with the same municipal wastewater and an OLR of 0.1 gCOD gTSS À1 d À1 . The N/COD ratio was 0.15 and thus in an optimal range. N/COD ratios above 0.15 indicate COD limitations. The aeration rates were set to 2 L min À1 for both reactors. TSS in the SBR were similar at 3.0 and 3.3 g L À1 respectively. Figure 4 shows the NH 4 -N and TN removal of both SBR over the second experimental phase. At some points, there was no full NH 4 -N removal achieved for SBR 1. This was mainly due to increased loading rates and a meantime growth of Arcella (days 385 to 430), which was observed by regular microscopy. Unfortunately, it was not possible to identify the reasons for the development of Arcella in SBR 1. Increased OLR of 0.6 gCOD gTSS À1 d À1 appeared for SBR 1 during days 311 and 318 and caused a decline in NH 4 -N removal. TN removal for SBR 1 was mostly between 50% and 60%. With the applied aeration strategy for SBR 2, complete NH 4 -N removal was recorded over the entire period. TN removal increased until day 501 to approximately 90%, which can be attributed to larger granule sizes growing with time and enlarged anoxic zones for denitrification. Figure 5 shows the course of N 2 O emissions in the exhaust air and the nutrients over the aerated cycle. N 2 O sampling occurred on day 501 simultaneously for both reactors. NH 4 -N concentrations were similar during the start of the aeration at 7.5 mg L À1 (SBR 1) and 7.9 mg L À1 (SBR 2). The highest emissions were measured at the beginning of the sampling. With the onset of aeration, the off-gas concentrations increased to 55 ppm N 2 O (SBR 1) and 70 ppm N 2 O (SBR 2). Up to this time, the NH 4 -N uptake rate of SBR 1 was almost twice that of SBR 2. Within the first 20 min, the NH 4 -N concentrations were reduced to 2.5 and 5.4 mg L À1 resulting in ammonia-oxidising rates of 5.1 (SBR 1) and 2.8 mg NH 4 -N gTSS À1 h À1 (SBR 2). N 2 O levels decreased with declining NH 4 -N concentrations. However, for SBR 1 the N 2 O emissions increased again after approximately 20 min of aeration, which was probably linked to a rising NO 2 -N level (3.88 mg L À1 ). In contrast, NO 2 -N was nearly stable for SBR 2 at 1.2 to 1.8 mg L À1 . EF for SBR 1 and SBR 2 were calculated at 3.32% and 1.62% (N 2 O/NH 4 -N ox. ). Besides increased AOB activity, the different EF can be attributed to the different NO 2 -N concentrations within the aerated phase. Zeng et al. (a) assumed that nitrous oxide reductase is inhibited by nitrite concentrations above 1 mg L À1 . This reported NO 2 -N level was clearly exceeded in both reactors. However, the periods without aeration (SBR 2) probably allowed denitrification of NO 2 -N and subsequently lower N 2 O emissions compared with SBR 1.
The results illustrate that the main source of N 2 O was related to autotrophic nitrification since the emissions clearly correlated to the ammonium oxidation. N 2 O was no longer detectable when ammonium was depleted. Total NH 4 -N removal was found for SBR 1 and 2 to be 99.0% and 99.6%. TN removal reached 69.2% for SBR 1 with constant aerobic aeration, while SBR 2 achieved a TN removal of 77.3% with an alternating aeration mode. The results are in line with Lochmatter et al. () , where higher TN removal was found with an alternating aeration mode. In this study, the constant DO also amounted to higher NO 2 -N emissions compared with the alternating aeration strategy. Zhang et al. () observed higher N 2 O emissions in a fully aerobic SND compared with the aerobic-anoxic SND by inhibition tests and reported an increased nitrifier denitrification as the main source for N 2 O. However, with our applied method we cannot prove the presence of nitrifier denitrification, even though it has been mentioned as a relevant N 2 O formation pathway in biofilms (Schreiber et al. ) . Since it is known that nitrifier denitrification is mainly related to oxygen-limited conditions, we assume that N 2 O formation from nitrifier denitrification could appear temporarily within the beginning of the aeration due to an increased oxygen uptake in the outer zone of the granules. Figure 6 shows the microbial community of the investigated AGS (taxonomy, phylum, class) of the two SBR. The taxonomic distributions of the communities were quite similar. An increased abundance of the phylum Parcubacteria was found for SBR 2. Since these bacteria were mostly observed under anoxic conditions (Castelle et al. ) , we assume that the increased proportion of Parcubacteria in SBR 2 was related to increased anoxic conditions due to non-aerated periods. Since N 2 O is an intermediate of the metabolism of the involved nitrifying and denitrifying bacteria, the microbial composition of AOB and NOB effects the N 2 O formation mainly. Winkler et al. () investigated the correlation between the involved microorganisms and the nitrite accumulation by modeling and experimental tests and revealed that Nitrobacter was the dominant NOB in aerobic granules and not Nitrospira. The authors claimed that in AGS systems NOB grow uncoupled from AOB, which can lead to additional nitrite formation due to partial denitrification by Nitrobacter. Although the microbial community of the present study was also characterised by an elevated NOB/AOB ratio, Nitrobacter was not detectable; instead Nitrospira was found to be the dominant NOB in both SBR, which is also in line with findings from earlier AGS studies (Thwaites et al. ) . NOB/AOB ratios determined by gene sequencing were 1.2 (SBR 1) and 1.7 (SBR 2), respectively, and thus increased compared with a reported NOB/AOB ratio of approximately 0.2 (±0.1) for a conventional treatment plant (Winkler et al. ) . Although an increased growth of NOB is coupled to the accumulation of nitrite, elevated NOB/AOB ratios were also found in correlation with increased temperatures and decreasing DO, which illustrates that further parameters affect the presence of nitrifying and denitrifying bacteria.
CONCLUSION
Due to the structural properties of AGS, the bacterial community and the arrangement of individual microorganisms are quite different compared with conventional activated sludge. Several triggers for N 2 O formation in AGS systems were identified in the framework of this study. The evaluated data reveal a correlation between the OLR and the SND in the N 2 O emissions and were identified as relevant triggers for N 2 O formation. Increased loads promote N 2 O formation via autotrophic nitrification and probably due to nitrifier denitrification since, at the beginning of the aerated phase, higher loads lead to higher DO uptake through the outer layers. Furthermore, the increased OLR promote SND and N 2 O formation via heterotrophic denitrification, which is probably a reason for endogenous denitrification and COD limitation. EF under fully aerobic conditions during the aerated phase were calculated in a range of 0.54% to 4.8% at OLR between 0.13 and 0.42 gCOD gTSS À1 d À1 . This aeration strategy was found to promote nitrite accumulation and increased N 2 O emissions. It has to be taken into account that nitrite is a sign of high AOB activity and can have a direct impact on N 2 O formation. The alternating aeration strategy was found to be more efficient for TN removal and lower N 2 O emissions. Against the background of desired low N 2 O emissions, the alternating aeration strategy with anoxic-aerobic conditions should be favored for the operation of AGS systems.
